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Diurnal patternsIncreasing numbers of organic micropollutants are emitted into rivers via municipal wastewaters. Due to their
persistence many pollutants pass wastewater treatment plants without substantial removal. Transport and fate
of pollutants in receiving waters and export to downstream ecosystems is not well understood. In particular, a
better knowledgeof processes governing their environmental behavior is needed. Although a lot of data are avail-
able concerning the ubiquitous presence of micropollutants in rivers, accurate data on transport and removal
rates are lacking. In this paper, a mass balance approach is presented, which is based on the Lagrangian sampling
scheme, but extended to account for precise transport velocities andmixing along river stretches. The calculated
mass balances allow accurate quantiﬁcation of pollutants' reactivity along river segments. This is demonstrated
for representative members of important groups of micropollutants, e.g. pharmaceuticals, musk fragrances,
ﬂame retardants, and pesticides. A model-aided analysis of the measured data series gives insight into the tem-
poral dynamics of removal processes. The occurrence of different removal mechanisms such as photooxidation,
microbial degradation, and volatilization is discussed. The results demonstrate, that removal processes are highly
variable in time and space and this has to be considered for future studies. The high precision sampling scheme
presented could be a powerful tool for quantifying removal processes under different boundary conditions and in
river segments with contrasting properties.
© 2015 The Authors. Published by Elsevier B.V. This is an open access article under the CC BY-NC-ND license
(http://creativecommons.org/licenses/by-nc-nd/4.0/).ce (WESS) Competence Cluster
en, Germany.
M. Schwientek).
. This is an open access article under1. Introduction
In many parts of the world surface water quality improved sig-
niﬁcantly during the second half of the 20th century mainly through
installation of waste water treatment plants (WWTPs) but also by the
development and implementation of additional treatment steps. A
novel threat to aquatic ecosystems is posed by the increasing numberthe CC BY-NC-ND license (http://creativecommons.org/licenses/by-nc-nd/4.0/).
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2015; Jekel et al., 2015; Ternes, 2007). These ‘emerging pollutants’,
emitted by all of us in everyday life, comprise – among others – pharma-
ceuticals and personal care products (Carmona et al., 2014; Kasprzyk-
Hordern et al., 2009; Ternes et al., 2004), pesticides (Köck-Schulmeyer
et al., 2013; Sandstrom et al., 2005), and ﬂame retardants (Meyer and
Bester, 2004; Pang et al., 2013). Although mostly emitted via household
wastewater and collected by sewer systems, the persistence of many of
these compounds in standard waste water treatment processes leads to
considerable pollutant loads which are emitted to the receiving waters
(Loos et al., 2013; Reemtsma et al., 2006). The efﬁciency of the treatment
process was and still is the subject of many studies (e.g. Bester, 2004;
Gómez et al., 2007; Simonich et al., 2002; Ternes, 1998; Yang et al.,
2011). However, the fate ofmicropollutants after their release into the en-
vironment is poorly understood and only few data exist concerning envi-
ronmental removal rates (Köhler and Triebskorn, 2013). Reemtsma et al.
(2006) introduced awater cycle spreading index to evaluate the potential
of a given substance to accumulate in the water cycle, based on the sub-
stance' persistence in the waste water treatment process. It is, however,
likely that other or additional elimination processes such as biodegrada-
tion during hyporheic exchange, photodegradation or volatilization,
occur inﬂowingwaters in particularwheremilieu conditions foster trans-
formation processes (e.g. von der Ohe et al., 2012). Hence, ﬁeld investiga-
tions are needed to better understand how emerging pollutants behave
during environmental transport and how this behavior is controlled by
the physico-chemical boundary conditions in rivers. Reliable ﬁeld data
of persistence and transport characteristics of micropollutants in rivers
is also a prerequisite for the parameterization of mathematical models
which may then be used as prognostic tools.
Assessment of the fate of micropollutants is already difﬁcult under
controlled boundary conditions in WWTPs, complicated by transient
in- and output ﬂuxes and diurnal patterns of temperature and solar ra-
diation.Majewsky et al. (2013) and Zhang et al. (2008) pointed out that
large uncertainties in the evaluation of WWTP performance often arise
from too short observation times and the negligence of hydrodynamic
effects, leading to inaccurate or even unrealistic (negative) numbers
for removal efﬁciencies. To study such processes in ﬂowing water sys-
tems is evenmore challenging. Inputs fromWWTP efﬂuents are typical-
ly transient and river segments in which transformation processes of
interest occur may comprise long travel distances and/or travel times
and varying conditions in terms of river morphology, hydrology and
geology.
Methods have been developed to follow distinct water parcels
through river segments, and to evaluate reactive processes based on
chemical analysis within these water parcels. The largest challenge
here is the correct timing of sampling suited to fully encompass a
mass of water along its way downstream. This principle is widely
termed ‘Lagrangian sampling’ and was often adopted based on esti-
mates or measurements of ﬂow velocities (Battaglin et al., 2001;
Cladière et al., 2014; Moody, 1993; Yu-Chen Lin et al., 2006). Since the
efﬂuent ﬂow rates released by WWTPs typically vary within short
time periods, concentration changes in the receiving streams are addi-
tionally affected by dispersion. Only a sampling scheme capable of cap-
turing these hydrodynamic processes can lead to robust results. One
straightforward approach of ‘Lagrangian sampling’ may be achieved
by artiﬁcially injecting themicropollutants of interest along with a con-
servative tracer (Kunkel and Radke, 2011). However, this is usually not
compatible with local environmental legislation. A more practicable
method for tracking concentration signals of contaminants is based on
addition of dye or salt tracers (Barber et al., 2011; Brown et al., 2009;
Morrall et al., 2004). The drawback of thesemethods is that only a snap-
shot in time is sampled and variations in pollutant transformation pro-
cesses which occur at time scales beyond the sampling interval (e.g.
diurnal cycles) are not captured. Limitations in accuracymay also result
if transport properties of the applied tracers differ from those of the
investigated pollutants or if the tracer signal is not recovered at asufﬁcient level as described e.g. by Writer et al. (2012). Some of these
problems may be overcome if complete mass balances are determined.
The strategy applied by Ahel et al. (1994), who developed the idea of
tracking a “large” parcel of water, long enough to include all variability
of a 24 hour-cycle, is a suitable approach to further reﬁne the sampling
technique and to combine it with state-of-the-art analytical tools and
model concepts.
In this study an extendedmodel-aided Lagrangian sampling scheme
to assess the fate of contaminants in rivers is developed and tested. The
method's potential is demonstrated for representative and widely used
members out of the compound groups of pharmaceuticals, polycyclic
musk fragrances, phosphorous ﬂame retardants, pesticides, biocides,
and bleaching agents. Conclusions regarding dominating attenuation
processes and their relevance are drawn.
2. Materials and methods
2.1. Methodological approach
The presented samplingmethodology is based on the general idea of
the Lagrangian sampling schemewith an enlargement of the investigat-
edwater parcel, as adopted by Ahel et al. (1994), and accounting for the
conservation of mass at two consecutive cross-sections of a river seg-
ment. Water parcels are sampled which are longer than the travel dis-
tance to minimize uncertainties due to an inaccurate determination of
the travel time and dispersion effects. A quasi-continuous (or high fre-
quency) monitoring of ﬂow rates and concentrations of the river
water as it moves through the control cross-sections at the upstream
and downstream ends of the selected river segment, respectively, is ap-
plied which allows for the determination of pollutant mass balances.
Themethod therefore does not only provide a snapshot of bulk process-
es but enables the evaluation of transport and transformation mecha-
nisms as a function of time.
Ideally, if themass ﬂux is subject to diurnal cycles, which is typically
the case for wastewater derived contaminants, the monitoring of the
enlarged water parcel will cover a whole cycle of 24 h. Subsequently,
the analysis of themeasured data can be performed for each target com-
pound in terms of a mass balance over the whole sampling period from
time t0 to t1:
Z t1
t0
Xn
i¼1
Qi Cið Þin dt ¼
Z t1þΔt
t0þΔt
Q Cð Þout dt þ ΔS ð1Þ
where Qi and Ci denote volumetric water ﬂow rates and compound-
speciﬁc concentrations entering the river segment via inﬂows (account-
ing for possiblemultiple inﬂows supplyingwater andmatter to the select-
ed river segment),whileQ andC (out) areﬂow rate and concentrations of
themain river at the downstreamcontrol cross-section of the segment.Δt
is the travel time of the water parcel between the two control cross-
sections. ΔS is a bulk sink ﬂux comprising all processes that contribute
to a loss of mass within the river segment and is termed “net removal”
in later chapters. The relation of ΔS and the total inﬂow mass into the
study segment (=left side of Eq. (1)) is a directmeasure for the reactivity
(or persistence) of a speciﬁc compound along its ﬂow path.
Calculatingmass balances according to Eq. (1) requires the following
steps: (i) an appropriate river segmenthas to be identiﬁed; the length of
which is sufﬁcient to allowdetectable transformation processes to occur
while the number of inﬂows has to be low in order to be manageable;
diffuse “unknown” gains and losses should be negligible, (ii) the travel
time Δt must be determined precisely and (iii) volumetric ﬂow rates
and contaminant concentrations of all relevant in- and outﬂows must
be determined quasi-continuously over time.
Furthermore, if Δt is known, continuous measurements of mass
ﬂuxes entering and leaving the river segment, shifted by the travel
time Δt, can be compared directly. If concentrations vary strongly over
time, dispersion along the ﬂow path also has to be considered, e.g. by
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ﬂuxes over time give insight into diurnal patterns of transformation
processes.2.2. Selected river segment
In order to demonstrate the precision of the presented approach a
4 km long segment of the Steinlach River ranging from the central
WWTP to the river mouth was selected. The Steinlach River, a 4th
order stream, is a tributary of the Neckar River, one of the principal
sub-catchments of the Rhine Basin in Southwest Germany (Fig. 1).
It has a total length of 25 km and drains a hilly catchment in the north-
ern foreland of the Swabian Alb mountains with an area of 140 km2,
collecting a mean discharge (Q) of 1.7 m3 s−1 (http://www.hvz.baden-
wuerttemberg.de/). Mean annual air temperature is approximately 8 °C
(City of Tübingen) and areal precipitation is 900 mm yr−1 (1980–2009)
with a slightmaximumduring the summermonths. Land-use is dominat-
ed by amix of rain-fed agriculture (49%) and forest (39%). The population
density is approximately 340 inhabitants per km2. The wastewater of the
approximately 50,000 inhabitants is treated in the centralWWTP located
4 km from the catchment outlet. Including industrial and commercial
waste waters it treats an inhabitant equivalent of 99,000 and is equipped
with a secondary and tertiary treatment stage, largely eliminating nitrate
and phosphorous loads biologically. The mean efﬂuent ﬂow rate is
260 l s−1 and is released at the right bank of the river closely up-
stream of the selected river segment. Upstream of the WWTP the
Steinlach River receives wastewater only during intense precipita-
tion events when the combined sewer system may overﬂow. Down-
stream of the WWTP the water of the Steinlach River consists of ca.
15% treated wastewater during mean discharge conditions, but the
proportion may rise well above 50% after long dry weather periods.
Along the studied 4 km river stretch the Steinlach River ﬂowsmainly in a
straightened channel through the southern suburbs of the City of
Tübingen and receives only minor tributaries (Fig. 1). Of note is a con-
structed diversion (the Mühlbach) which derives water from the main
stem about a kilometer downstream of the WWTP efﬂuent which ﬂows
directly into the Neckar River. The river bed is mostly permeable
consisting of medium sized gravel to larger cobbles. The mean slope isFig. 1. Selected river segment along the lower Steinlach River between the outlet of the catch7‰, enhancing hyporheic exchange where possible. The mean width of
the channel is approximately 8 m with little variation. The mean water
depth on the day of sampling was calculated from the surface of
the water body (ca. 35,000 m2) and the mobile water volume (ca.
8200 m3 = discharge × travel time) to be approximately 0.25 m.
The water was clear with concentrations of suspended matter
below 3 mg l−1. Shading of the river channel is sparse, so solar radi-
ation can mostly penetrate the water body directly.2.3. Determination of travel time Δt
Δt was determined experimentally using the electrical conductivity
signal (EC) emitted by the WWTP as an environmental tracer. Due to
the varying use of water in the households during the day, efﬂuent
ﬂow rates of WWTPs typically show a diurnal pattern. Provided that
the EC in the efﬂuent and the river water differs sufﬁciently and the ef-
ﬂuent ﬂow rates are not too small in relation to the river's discharge
(which is the case for the Steinlach River), these variations are reﬂected
in similar patterns of EC in river water downstreamof theWWTP. Using
CTD divers (Schlumberger Water Sciences Technology, Canada) these
patterns were measured continuously at the upper and lower control
cross-sections of the river segment during variable discharge condi-
tions. Δt was determined directly as the time shift between paired sig-
nals of pronounced peaks which occur in both time series.
Underlying assumptions are that EC behaves conservatively and that
the peak travel times are not substantially affected by dispersion. The
determined travel times were related to the respective discharges
(taken from the gauging station in the middle part of the studied river
segment) and an empirical function could be ﬁtted describing Δt as a
function of Q (Fig. 2).2.4. Lagrangian sampling and determination of mass ﬂuxes
Sampling and on-line measurements were conducted from July 2 to
3, 2013. Conditions were sunny with air temperatures up to 28 °C, thus
intense solar radiation and no rainfall. After a dry weather period Q in
the rivers was low.ment's wastewater treatment plant (WWTP) and the conﬂuence with the Neckar River.
Fig. 2. Empirical function describing the relation between thewater travel timeΔt and dis-
charge Q along the selected river segment.
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Sampling of the Steinlach River was conducted using automated
samplers (ISCO 3700, Teledyne Isco, Inc., USA) which were placed at
the upper and lower control cross-sections, respectively. The upstream
location was situated approximately 100 m downstream from the
WWTP outfall. This distance was sufﬁcient to provide complete mixing
of treated wastewater within the river cross-section (see Section 2.6)
which was checked repeatedly by measurement of lateral EC proﬁles
and by grab samples across the river width. The downstream sampler
was placed 100 m upstream the river mouth in the City of Tübingen.
The inlets of the samplers were placed in the middle of the river. Both
samplers were equipped with teﬂon tubing and 1 l glass bottles. Sam-
ples were taken every 15 min and composite samples of 3.6 l
representing 2 h intervals were mixed when the samplers were emp-
tied every 6 h. This ensured sample volumes sufﬁcient for all analytical
procedures and kept the number of samples manageable. The sampling
program of the upstream sampler started at 06:00 in the morning and
ended at 05:45 on the next day, the downstream sampler started with
a time shift of 3 h according to the water travel time determined from
the Δt− Q relationship. In total, 35 samples were collected (including
tributaries, Section 2.4.2).
For the determination ofQ of the Steinlach River at the upper control
cross-section continuous water level data (time interval 5 min) was
used from an existing measuring station located 200 m upstream
of the WWTP (see Fig. 3). The water levels were converted to Q by
means of an existing rating curve which was checked repeatedly. EC
was used as a tracer to calculate the ﬂow rates supplied by the WWTPFig. 3. Conceptual diagram showing all measurement and sampling locations and the
studied segment of the Steinlach River. UCCS = upper control cross-section, LCCS =
lower control cross-section.and the total discharge (Qtot) passing the upper control-cross section
of the river segment: EC data were measured at 5 min intervals (1) in
the Steinlach River upstream of the WWTP efﬂuent, (2) in the WWTP
efﬂuent, and (3) at the location of the upper control cross-section
(downstream of the WWTP efﬂuent) using CTD divers (Schlumberger
Water Sciences Technology, Canada). Using a two-component mixing
equation, the ﬂow rate of theWWTP efﬂuent could be calculated as fol-
lows:
Qef ¼ Qg 
EC3−EC1
EC2−EC3
ð2Þ
where Qef and Qg are the ﬂow rates of the WWTP efﬂuent and the
gauged discharge measured at the upstream station respectively, and
EC1, EC2, and EC3 are the electrical conductivities measured at locations
(1), (2), and (3) respectively. Qtot may then be computed as the sum of
Qef and Qg. A schematic map of all measurement and sampling locations
is given in Fig. 3.
At the lower control cross-section Q had to be calculated. As a ﬁrst
step, all Q values ﬂowing into the river section were balanced to gener-
ate a total input signal. The routing of the inputQ through the 4 km river
channel was modeled by the convolution of a dispersive distribution
function (Maloszewski and Zuber, 1982; Maloszewski, 1993). Required
parameters are the mean travel time of the Q signal and the dispersion
parameter. Themean travel time of the Q signal is not identical with the
water travel time Δt, but can be described by the kinematic wave ap-
proach. Assuming that Q and water depth are related according to the
Manning equation, the wave velocity is 5/3 times the mean water
ﬂow velocity (e.g. Dingman, 1984). Hence, the mean travel time of the
wave is 3/5 times Δt. The dispersion parameter and the mean travel
time were derived from ﬁtting the dispersion model to the measured
EC time series (for further details see Section 2.7), assuming that thedis-
persion affecting the transport of matter and the propagation of a wave
are similar. Additionally, Q at the lower control cross-section was mea-
sured twice during the sampling campaign and the results ﬁttedwell to
the modeled hydrograph (deviations from the modeled Q of 4 and 5%,
respectively).
2.4.2. Tributaries
The tributaries are not affected by wastewaters and the total con-
tribution of discharge to the Steinlach River was no more than approx-
imately 2%. Thus, concentrations and discharges were considered
constant. Concentrations in the tributaries were determined in a single
grab-sample per tributary during the 24 h campaign. Q was measured
once in the largest tributary (Ehrenbach), entering the Steinlach River
from the right hand side closely to the upper control cross-section
(Fig. 1), using a ﬂow meter (Ott C2, Kempten, Germany). The ﬂow
rates of the three remaining tributaries could not be measured with a
ﬂow meter, since water depths were b2 cm. They were estimated dur-
ing sampling which can be considered sufﬁcient as each tributary sup-
plied only roughly 1‰ of the total Q.
2.4.3. Determination of mass ﬂuxes
Mass ﬂuxes are given by the product of the volumetric water ﬂow
rate and the concentration of the compound of interest. Identiﬁed in-
ﬂows into the river segment in the sense of Eq. (1) were the Steinlach
River itself entering the segment at the upper control cross-section
and the four tributaries supplying water during the period of sampling
from July 2–3, 2013, i.e. mass ﬂuxes of the tributaries were treated as
if they entered the study river segment at the upstream end. The only
outﬂow from the river segment was the Steinlach at the lower control
cross-section close to its conﬂuence with the Neckar River. For the
Mühlbach (see above) it was assumed that the water chemistry of the
divertedwater was identical with the water entering the river segment.
Thus, for the mass balance, the input Q into the studied segment was
reduced by the constant ﬂow rate of the Mühlbach (53 l s−1). This
448 M. Schwientek et al. / Science of the Total Environment 540 (2016) 444–454assumption could potentially lead to a slight underestimation of removal
processes.
2.5. Analyzed compounds
2.5.1. Selection of analytes
The selection of investigated micropollutants followed criteria
such as different kinds of usage and input patterns (e.g. pharmaceu-
ticals, industrial chemicals, personal care products and pesticides,
see Table 1), permanent occurrence in the municipal wastewater,
and different physico-chemical properties. The latter determine
transport behavior (water dissolved, particle-associated) and elimi-
nation mechanisms (sorption, volatilization, chemical or biological
degradation) of the substances in the rivers. For example, the anti-
convulsant carbamazepine behaves relatively conservative (trans-
port in the water phase, low degradability) and was proposed as a
persistent marker tracing the pathways of treated sewage (Clara
et al., 2004; Glassmeyer et al., 2005; Nakada et al., 2008). The syn-
thetic musks HHCB (galaxolide, 1,3,4,6,7,8-hexahydro-4,6,6,7,8,8-
hexamethylcyclopenta-g-2-benzopyran) and AHTN (Tonalide, 7-
Acetyl-1,1,3,4,4,6-hexamethyl-1,2,3,4-tetrahydronaphthalene)
were characterized by a pronounced seasonality in surface water due
to their temperature-dependent attenuation in WWTPs (Musolff
et al., 2009). Additionally, sediment/water distribution coefﬁcients of
the synthetic musks indicate a distinct sorption tendency of these
substances and thus sorptionmay be considered as an important process
for the fate of these compounds in the environment (EPA, 2014). In
comparison to that tetraacetyldiamine (TAED) shows less sorption
(HERA, 2002), but the substance used as bleaching activator in detergents
is easily biodegradable. The ﬂame retardants TCEP (tris-(2-chloroethyl)-
phosphate), TCPP (tris-(2-chloro, 1-methylethyl)-phosphate) and
TDCPP (tris(1,3-dichloro-2-propyl) phosphate) are frequently used in
polymers and foams and thus may reach the aquatic environment not
only by discharge of wastewater, but also by other diffuse sources
(Regnery and Püttmann, 2010a,b).
2.5.2. Analytical procedures
Collected samples were shipped within 24 h to the laboratory at the
Institute of Sanitary Engineering, University of Stuttgart, for the analysis
of organic micropollutants. The tested compound groups and represen-
tative target substances are given in Table 1.
2.5.2.1. Sample preparation for diclofenac, naproxen and triclosan. After
adding the internal standards diclofenac-d4 (50 μL, 4 ng μL−1 in di-
chloromethane), naproxen-d3 (50 μL, 4 ng μL−1 in dichlorometh-
ane), mecoprop-d3 (20 μL, 1 ng μL−1 in methanol) and triclosan-d3
(50 μL, 1 ng μL−1 in methanol) the pH-value of the non-ﬁltered
water samples (2 L) was adjusted to pH 2.5 using sulfuric acidTable 1
Micropollutants and their octanol/water partitioning coefﬁcients.
Group Compound
Pharmaceuticals Carbamazepine
Oxcarbazepine
Diclofenac
Naproxen
Polycyclic musk fragrances HHCB
HHCB-lactone
AHTN
OTNE
Phosphorus ﬂame retardants TCPP
TDCPP/TDCP
TCEP
Pesticides/insect repellents Mecoprop
DEET
Biocides Triclosan
Bleaching agents TAED(96%). The analytes were extracted via liquid/liquid-extraction (di-
chloromethane, 2 × 80 mL). The combined organic phases were
rotavaporated to approximately 2 mL and dried with sodium sulfate.
Prior to GC/MS-analysis the extracts were concentrated with a nitro-
gen stream (40 °C) to dryness and re-dissolved in a solution of the
derivatization agent TMSH (20 μL trimethylsufoniumhydroxide,
0.25 M in methanol).
2.5.2.2. Sample preparation for other organic compounds. The non-ﬁltered
water sample (2 L) was spiked with internal standards (100 μL
AHTN-d3, 1 ng μL−1 in dichloromethane; 50 μL carbamazepine-
d10, 2 ng μL−1 in dichloromethane; 100 μL PAH-standard containing
16 perdeuterated PAHs according to US-EPA, each compound
1 ng mL−1 in toluene). Liquid/liquid extraction with dichlorometh-
ane and further steps were performed as described above. Prior to
GC/MS-analysis the extracts were concentrated in a nitrogen stream
at 25 °C to a volume of 50 μL.
2.5.2.3. GC/MS-analysis. GC/MS-analysis was performed on a high reso-
lution gas chromatograph Agilent 6890 directly coupled with a low
resolution mass selective detector Agilent 5975. The analytes were
quantiﬁed directly via the isotope dilution method or external calibra-
tion with internal standards. Due to the large sample volumes and the
enrichment factors (N1:40,000) limits of quantiﬁcation were in the
range of 1 ng L−1.
In parallel, an aliquot of each samplewas transferred to the laborato-
ry at the Center for Applied Geoscience, University of Tübingen, for the
analysis ofmajor ions andDOC. Prior tomeasurement the sampleswere
ﬁltered through 0.45 μm cellulose-acetate ﬁlters. Ion concentrations
were measured using an ion chromatograph (DX 500, DIONEX). DOC
was determined after acidiﬁcation to pH 2 and purging with nitrogen
gas using a TOC analyzer (Elementar HighTOC; thermal oxidation at
680 °C and CO2 quantiﬁcation using an IR detector). Multiple analyses of
laboratory standards yielded an analytical uncertainty of less than ±5%.
2.6. Quality control of sampling and chemical analyses
To ensure completemixing of riverwater and treatedwastewater at
the upper control cross-section, lateral EC proﬁles were measured
across the section. On average, EC in treated wastewater was 95% ele-
vated in relation to river water at the time of sampling, yet the coefﬁ-
cient of variation (COV; 8 measurements) for EC in the cross-section
was only 0.4%. Thus, complete mixing was assumed. In addition, grab
samples were taken simultaneously close to both river banks and at
the inlet of the automated sampler tubing in the middle of the river.
For these samples the coefﬁcient of variation (COV; 3 samples) was
also calculated and interpreted in terms of reproducibility of the lab
analysis.Log Kow (pH 6 to 8) Source
2.67 (pH = 7.5) Scheytt et al. (2005)
1.11 http://www.chemspider.com/
1.9 (pH = 7) Scheytt et al. (2005)
1.18 (pH = 7.4–8.1) de Ridder et al. (2011)
5.3 Balk and Ford (1999)
4.7 Chen et al. (2009)
5.7 Balk and Ford (1999)
5.7 Chen et al. (2009)
2.59 WHO (1998)
3.8 WHO (1998)
1.43 Sasaki et al. (1981)
−0.12 (pH = 7) Ilchmann et al. (1993)
2.02 (pH = 6.6) Moody et al. (1987)
4.31 (pH = 7.9) Matamoros et al. (2012)
0.09 Deluchat et al. (2002)
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In contrast to the balancing of bulk pollutant mass ﬂuxes over 24 h
according to Eq. (1), input and output mass ﬂuxes as a function of
time at the upper and lower control cross-sections respectively, were
compared using a lumped parameter model. In this context the effects
of dispersion and mixing with neighboring water parcels – as implied
in the original Lagrangian sampling concept – are then nomore negligi-
ble. The applied approach transforms an input time series into anoutput
signal by convoluting the input with a transit time distribution function
(e.g. McGuire and McDonnell, 2006):
Cout tð Þ ¼
Z t
0
Cin t−τð Þg τð Þdτ ð3Þ
where Cout(t) and Cin(t) are the output and input tracer concentrations
measured as a function of time, respectively, g(τ) is the transit time
distribution function of the tracer particles in the system under investi-
gation, and τ is the transit time of a single tracer particle through
the system. As a transit time distribution function representing advec-
tion and dispersion processes in the river channel, the dispersion
model was chosen (for details see e.g. Maloszewski and Zuber, 1982;
Maloszewski, 1993). Here, the transit time distribution is deﬁned by
the following function:
g τð Þ ¼ 1
τ
ﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃﬃ
4πPDτ
ΔT
r exp − 1− τΔT
 2
4PDτ
ΔT
2
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To infer the accurate mean transit time ΔT and the dispersion pa-
rameter PD, EC was used as a conservative tracer. The ﬂow-weighted
input function Cin(t) was calculated from the EC, measured at 5 min in-
tervals inwater of the Steinlach River at the upper control cross-section,
and of the four tributaries (single measurements). The model output
Cout(t) was ﬁtted to the EC time series measured in the Steinlach River
at the lower control cross-section. The ﬁtted model was then applied
to the compounds of interest accordingly. In the case of the modeled
micropollutants and ions, the input time series had to be extended back-
wards by a dummy value to minimize artifacts inﬂuencing the modeled
concentrations of the ﬁrst time step. As a dummy, the ﬁrst input concen-
trationwas used twice in a row. Differences between themodeled output
and the concentrations measured could be assigned to transformation
processes since themodel only combines the effects of advection and dis-
persion but does not include reactive transport.
3. Results and discussion
3.1. Detected concentrations
A summary of the average concentrations of organicmicropollutants
and ions and the observed concentration ranges at the upper and lower
control cross-sections as well as the concentrations measured in the
tributaries is given in Table 2. Additionally, the total input and output
mass ﬂuxes over 24 h are shown. Maximum concentrations were mea-
sured for diclofenac ranging to almost 500 ng L−1 at the upper control
cross-section. Similarly, high concentrations were encountered for
HHCB-lactone. Concentrations of the parent compound HHCB did not
exceed 100 ng L−1 even close to the outfall of the WWTP, indicating
that oxidation of HHCB occurred in the treatment process (Bester,
2004). The concentrations, in particular at the upper control cross-
section, are mainly deﬁned by the dilution of the discharged treated
wastewater in the receiving water as under dry weather conditions the
entry of wastewater-related micropollutants into the system via com-
bined sewer overﬂows (CSO) is negligible. On average, treated wastewa-
ter contributed 28% to the total stream ﬂow. Hence, concentrations ofcompounds that exclusively derive from wastewater can be estimated
to be at least three times higher in the efﬂuent.Micropollutant concentra-
tions in the tributaries were usually low or below detection limit, which
indicates that the main source of all analyzed compounds is treated
wastewater.
The remarkably large concentration changes observed in the
Steinlach River withminima far below the average values are the result
of a 1.5 h maintenance period at the WWTPwhich was not announced.
During that time no efﬂuent was discharged into the river (visible also
in the EC time series, see Fig. 5). Two composite samples were affected
by the resulting lower concentrations. The “gap” in the time series of
concentrations was less pronounced at the lower control cross-section
due to smoothing by dispersion.
Ions with the highest concentrations (Table 2) were calcium (Ca2+)
and sulfate (SO42−) representing the geogenic background of the catch-
ment with a high proportion of carbonate rocks. The strongest relative
change due to the maintenance of theWWTPwas observed for potassi-
um (K+) and sodium (Na+), followed by nitrate (NO3−) and chloride
(Cl−), which emphasizes the conclusion that these ions derive from
wastewater to a large extent. Tributaries not affected by wastewaters
contain much lower concentrations of these compounds. The relatively
high concentrations of NO3− in tributaries 1 and 3 presumably derive
from arable land present in the catchments. Tributaries 2–4 are increas-
ingly inﬂuenced by local marl geology which is the presumed source of
the relatively high Mg2+ concentrations compared to the Steinlach
River.
Reproducibility of measured concentrations for triplicate samples
(independently sampled at the same time; COV: coefﬁcient of variation,
see Section 2.6) are given in Table 3. For most compounds reproducibil-
ity was good, as indicated by COV values which were generally in the
range below 2% and never exceeded 4% for micropollutants and even
better for major ions.
3.2. Mass balances
Mass balances and the net removal ΔS were calculated for the
micropollutants and major ions according to Eq. (1). The results are
displayed in Table 2. For an evaluation of the efﬁciency of transforma-
tion processes, ΔS is related to the total input mass ﬂux. The resulting
relative net removals for the single compounds are depicted in Fig. 4.
The very low calculated net removal for the conservative ions Na+,
SO42−, and Cl− (−0.1% b ΔS N 0.3%) may be interpreted as indicators
for the high accuracy of the technical procedures involved in balancing
mass ﬂuxes (including analytical errors). Analysis of organic micropol-
lutants is typically associated with larger uncertainties. However, the
COV values for organics given in Table 3 (standard deviations of b 4%)
justify that these mass balances are also deemed very reliable.
According to the computed relative net removals, the most reactive
substances were oxcarbazepine and OTNE with net removals of 50% or
above. An intermediate removal rate was observed for the compounds
triclosan, HHCB, AHTN, TAED, HHCB-lactone, and diclofenac with net
removals between 17 and 37%. Small removals, e.g. 1 to 10% for TDCPP,
carbamazepine, mecoprop, and TCEP have to be interpreted with some
caution since the uncertainties of the procedures involved might not be
negligible in these cases, in particular where pollutant concentration
were very low. The pharmaceutical carbamazepine and the chlorinated
ﬂame retardants TCEP, TDCPP, and TCPPhave beendescribed to be persis-
tent by other studies (Löfﬂer et al., 2005; Meyer and Bester, 2004). This is
in good agreementwith the results presented herewhich show removals
close to 0% for these compounds.
As mentioned above, Na+, SO42−, and Cl− are usually considered
conservative. Accordingly, the mass balances for these ions are almost
perfectly closed with net removals close to zero. NO3−, one of the most
reactive nitrogen species, may be consumed by denitriﬁcation and
plant uptake (Birgand et al., 2007). The determined net removal of
4.2% appears reasonable given the short travel time in relation to the
Table 2
Discharge (Q), pH, EC and micropollutant and major ion concentrations measured at the upper (UCCS) and lower (LCCS) control cross-sections and in tributaries, as well as respective total input and output mass ﬂuxes.
pharmaceuticals polycyclic musk fragrances phosphorous ﬂame
retardants
pesticides/insect
repellents
biocides bleaching
agents
concentrations Q
[m3 s-1]
pH EC
[μS/cm]
carbamazepine
[ng l-1]
oxcarbazepine
[ng l-1]
diclofenac
[ng l-1]
naproxen
[ng l-1]
OTNE
[ng l-1]
HHCB
[ng l-1]
HHCB-lactone
[ng l-1]
AHTN
[ng l-1]
TCEP
[ng l-1]
TCPP
[ng l-1]
TDCPP
[ng l-1]
mecoprop
[ng l-1]
DEET
[ng l-1]
triclosan
[ng l-1]
TAED
[ng l-1]
location
UCCS average 0,594 8,0 722 133 46 367 65 142 72 331 12 64 149 39 26 62 21 11
range (0.50-0.73) (7.6-8.2) (608-759) (35-172) (5-86) (82-482) (23-85) (49-186) (26-95) (108-404) (5-15) (37-90) (41-211) (12-48) (14-36) (18-83) (15-25) (3-20)
tributary 1 0.013 8.3 775 1.3 b.d.l. b.d.l. b.d.l. 9 6 18 2 19 4 2 b.d.l. 0,9 b.d.l. 5
tributary 2 0.001 8.2 712 0.9 b.d.l. b.d.l. b.d.l. 6 2 10 1 10 1.5 3 b.d.l. 1,4 b.d.l. b.d.l.
tributary 3 0.001 8.1 803 1.3 b.d.l. b.d.l. b.d.l. 2 2 12 3 29 3 6 b.d.l. 1,5 5 b.d.l.
tributary 4 0.001 8.1 881 b.d.l. b.d.l. b.d.l. b.d.l. 18 11 22 5 38 4 5 b.d.l. 2 5 b.d.l.
LCCS average 0.610 8.4 718 127 18 302 57 74 49 266 9 58 151 38 24 62 13 9
range (0.51-0.69) (8.2-8.6) (649-757) (65-163) (5-37) (112-419) (27-78) (27-118) (27-71) (168-326) (5-13) (35-72) (97-194) (29-44) (17-34) (38-85) (6-21) (4-18)
total mass ﬂuxes [g d-1] [g d-1] [g d-1] [g d-1] [g d-1] [g d-1] [g d-1] [g d-1] [g d-1] [g d-1] [g d-1] [g d-1] [g d-1] [g d-1] [g d-1]
Input 7.02 2.40 19.57 3.45 7.37 3.69 17.33 0.61 3.47 7.92 2.03 1.40 3.31 1.08 0,62
Output 6.83 0.96 16.21 3.07 3.72 2.49 14.24 0.46 3.11 8.13 2.01 1.27 3.34 0.67 0.50
Table 2 (continued)
concentrations Na+
[mg l-1]
K+
[mg l-1]
Ca2+
[mg l-1]
Mg2+
[mg l-1]
NO3-
[mg l-1]
Cl-
[mg l-1]
SO42-
[mg l-1]
location
UCCS average 38.8 6.1 105.3 10.0 19.6 53.9 65.8
range (23.1-44.4) (3.2-7.2) (93.9-107.5) (9.0-10.6) (12.6-23.1) (35.8-59.5) (57.1-69.0)
tributary 1 24.5 2.6 92.2 26.9 14.6 29.3 92.0
tributary 2 22.5 2.6 59.6 43.8 3.0 10.0 63.8
tributary 3 19.7 3.5 55.9 59.2 12.2 7.4 21.7
tributary 4 14.1 2.0 91.7 50.0 9.8 44.6 18.9
LCCS average 38.5 6.1 105.6 12.2 18.6 53.5 66.4
range (29.2-43.7) (4.4-7.1) (98.3-108.6) (11.8-12.6) (14.1-22.0) (42.9-59.0) (61.8-69.5)
total mass ﬂuxes [kg d-1] [kg d-1] [kg d-1] [kg d-1] [kg d-1] [kg d-1] [kg d-1]
Input 2056 325 5563 560 1044 2842 3538
Output 2047 323 5591 647 999 2840 3531
b.d.l.: below detection limit.
n.a. not applicable.
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Table 3
Analyzed compounds (+major ions) and analytical reproducibility of measured concen-
trations for triplicate samples (COV: coefﬁcient of variation).
Compound COV Compound COV
Carbamazepine 0.7% OTNE 1.4%
Oxcarbazepine 0.1% HHCB 1.3%
Diclofenac 1.1% HHCB−Lactone 1.0%
Naproxen 2.1% AHTN 1.0%
Mecoprop 1.9% Na 1.1%
DEET 2.0% K+ 1.5%
TCEP 2.8% Ca2+ 0.6%
TCPP 0.3% Mg2+ 1.1%
TDCPP 2.4% NO3− 0.9%
Triclosan 1.0% Cl− 0.7%
TAED 4.0% SO42− 0.1%
451M. Schwientek et al. / Science of the Total Environment 540 (2016) 444–454relatively large water volume to be processed. On the other hand, this
number gives an impression of the fast transformation that the most
reactive organic compounds undergo. For Mg2+ (−16%) the mass bal-
ance did not work out which is likely a matter of an unidentiﬁed
input. Increasing concentrations of Mg2+ along the studied river seg-
ment have repeatedly been encountered which cannot be explained
by known sources. A geochemical reaction such as dolomite dissolution
is possible. For Ca2+ a similar effect was not observed, however, this
may probably be masked by its tenfold-higher concentrations.3.3. Temporal dynamics of the removal processes
The ﬁtting of the dispersion model to measured EC data at the
lower control cross-section (Fig. 5) revealed a travel time of the
water of 225 min (compared to 204 min determined according to
the Δt − Q-relationship; Fig. 2).
Comparison ofmodeled andmeasured EC at the lower control cross-
section revealed a good ﬁt. The reason for the observed differences be-
tween 12:00 and 18:00 remains unclear. During reduced wastewater
discharge resulting frommaintenanceworks at theWWTP themodeled
andmeasured data are slightly shifted. Reasons for thatmight be hydro-
dynamic effects since the discharge decreased during that period
whereas steady-state conditions are assumed in the dispersion model.
Moreover, also water chemistry changed, triggering ion exchange pro-
cesses between water and river bed and leading to retardation. After
steady state ﬂow conditions had re-stabilized, the model and data ﬁt
reasonably well again.Fig. 4. Calculated relative net removals along the sFig. 6 shows observed vs. modeled diurnal concentration patterns
for the pharmaceuticals carbamazepine and oxcarbazepine and the
musk fragrance AHTN; these compounds could be seen as representa-
tives of the three characteristic types of reactive transport encountered
during the current study. Themicropollutants' concentrationswere pre-
dicted using the model parameters found by ﬁtting EC. Since the model
only comprises the effects of advection and dispersion, any transforma-
tion processes along the river segment are expected to result in an over-
estimation of the measured concentrations. For carbamazepine, the
observed and modeled curves are very similar throughout the day,
which reﬂects the conservative behavior of this compound. The small
deviations of the curves may be the result of “boundary effects” at the
beginning of the model period (i.e. inﬂuence of preceding water par-
cels) and of composite sampling during the concentration decrease
due to WWTP maintenance.
In comparison, AHTN shows a net removal during the daytime peri-
od of the sampling campaign particularly between 13:00 and 23:00. Re-
moval is apparently close to zero around the time with no input due to
WWTPmaintenance (21:00). However, net release from transient stor-
ages in the river channel (e.g. stagnant zones) and hyporheic zone
(mixing zone of surface and groundwater below the river bed) during
this time period of steeply decreasing concentrations in river water
couldmask any transformation processes (compare also “too high” con-
centration of carbamazepine at that time). Additionally, the relatively
high octanol–water partitioning coefﬁcient (log KOW = 5.7 according
to Balk and Ford, 1999) and thus sorption tendency of AHTN may sup-
port sorption/desorption effects. Fast desorption from outer parts of
small particles may sustain a considerable concentration in river water.
As opposed to daytime themodeled and observed AHTN concentra-
tions are very close after midnight. An obvious interpretation of that
pattern could be the occurrence of photochemical reactions: Theweath-
er conditions were sunny during the whole day and the solar radiation
was most intense around 13:00 (noon + 1 h during summer time). A
water parcel which started at 11:10 at the upper control cross-section
and arrived at 14:50 at the lower control cross-section (according to
the measured travel time) would have experienced the maximum
sum of solar energy input. This is in line with the maximum “loss” of
AHTN around 15:00 as shown in Fig. 6. Photodegradation has been re-
ported for AHTN (e.g. Bester, 2005; Buerge et al., 2003).
Andreozzi et al. (2002) have shown that photochemical reactions
may be further enhanced by the occurrence of nitrate due to the forma-
tion of OH− radicals. Also, the presence of humic substances may inﬂu-
ence photodegradability. However, converse effects have been reportedtudied river segment for various compounds.
Fig. 5. EC time series measured in the Steinlach River at the LCCS and modeled using the dispersion model (PD = 0.002, goodness of ﬁt SIGMA = 0.9 μS/cm).
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tions in the Steinlach during sampling were 3.5 mg L−1 at the upper
and 3.4 mg L−1 at the lower control cross-section, respectively. The
importance thereof for any photochemical reactions is not clear and re-
quires further research. AHTN (and othermusk fragrances such asOTNE
and HHCB) may also be subjected to volatilization, which would also be
more pronounced at elevated temperatures during day time (see dis-
cussion below). These two processes are proposed as themain removal
mechanisms affecting AHTN in the studied river segment
A third kind of pattern is observed for oxcarbazepine. This constitu-
ent displays an evolutionwhich is similar to AHTN in that removal is ap-
parentlymaximal in the afternoon hours. In contrast to AHTN, however,
a considerable net removal is still observable during nighttime. Besides
an obvious light-dependency of distinct removal processes, there is at
least one additional transformationmechanismwhich is still active dur-
ing night. Relevant for biodegradation and volatilization is the average
temperature of thewater parcel during its travel time. Thiswas calculat-
ed based on continuously measured temperatures at the upper and the
lower control cross-sections, shifted by the determined travel time of
225 min. The averaged temperatures in water parcels arriving at the
lower control cross-section are shown in Fig. 7 and were highest at
16:00 (17.9 °C) and lowest at 7:45 (15.4 °C). Hence, the diurnal temper-
ature cycle is only partly in phasewith thebulk intensity of the observedFig. 6.Modeled and observed diurnal concentrations of selected micropollutants at the
downstream end of the studied river segment.transformation processes. This fact once again indicates a superposition
of different independent transformation mechanisms.
While photo-oxidation of AHTN is a likely mechanism, HHCB is only
weakly photodegradable (Buerge et al., 2003). Yet, the bulk removal of
32% determined by the mass balance of HHCB is important. According
to Zhang et al. (2013) the presence of HHCB-lactone indicates the bio-
degradation of HHCB. Concentrations of HHCB-lactone were already
high at the upper control cross-section (Table 2). Any further degrada-
tion in the river should be reﬂected by increases of the concentration
ratio HHCB-lactone/HHCB. This ratio wasmodeled for the lower control
cross-section as described before. The result is shown in Fig. 7. An in-
crease of the ratio along the river segment indicates transformation of
HHCB, likely to HHCB-lactone. As before, the intensity of this transfor-
mation is displayed by the departure of modeled and observed curves.
This modeled pattern shows a maximum intensity of biodegradation
of HHCBduring the late afternoon hours. The process intensity coincides
fairly well with the pattern of the average water parcel temperature
(Fig. 7). The dependency of the HHCB-lactone/HHCB ratio on surface
water temperature was also shown for the adjacent catchment of theFig. 7. Modeled and observed concentration ratios of HHCB-lactone/HHCB at the LCCS
(top) and average water temperature experienced by each water parcel arriving at the
LCCS (bottom).
453M. Schwientek et al. / Science of the Total Environment 540 (2016) 444–454river Ammer (Lange et al., 2015). However, it has to be taken into ac-
count that any further transformation of HHCB-lactone couldmask deg-
radation of HHCB. As a consequence, the more or less constant ratio of
HHCB-lactone/HHCB during the night does not indicate that no further
degradation occurs, but rather that relative transformation rates for
both compounds are similar. In fact, the daily load of HHCB-lactone de-
creases along the river segment by net 3.1 g d−1 (Table 2), despite its
production by degradation of HHCB. If the loss of 1.2 g d−1 HHCB is
completely degraded to HHCB-lactone, up to 4,3 g d−1 HHCB-lactone
is transformed which equals 25% of the input to the river segment (as
opposed to net removal of 17.7% according to Table 2). In line with the
other musk fragrances, the HHCB loss could as well partly be due to
volatilization, peaking with maximumwater temperatures in the after-
noon hours (Fig. 7).
Further processes that may remove substances from the water
column are sedimentation after sorption to particles (Schwientek
et al., 2013) or direct sorption to the bed substrate. The former pro-
cess is believed to be negligible in the studied case since observed
turbidities were consistently below 2 NTU (nephelometric turbidity
unit) corresponding to very low suspended solids concentrations of
2–3 mg L−1 (Rügner et al., 2014). In contrast, sorption to the bed
substrate is a process that needs to be studied further. However,
no clear correlation between net removal of studied compounds
and their known octanol–water partitioning coefﬁcients (Table 1)
was observed. Therefore, it can be assumed that this physico-
chemical property, and its associated mechanisms, did not play a
major role.4. Concluding remarks
The approach presented herewas proven to be feasible for the deter-
mination of reliable mass balances and, ultimately, the site-speciﬁc re-
activity of the selected representative micro-pollutants under given
boundary conditions. The accuracy of the results is highlighted by the
negligible removal of conservative tracers such as Cl−, SO42−, and Na+.
Furthermore, it was shown that amodel-aided analysis of the bulk elim-
ination rates as a function of time gives insights into the nature of pro-
cesses and their temporal variability. The results also demonstrate that
transformation of many micropollutants in rivers is highly variable
in the course of a diurnal cycle. One of the main drivers of this var-
iability is solar radiation that governs photo-oxidation. The impor-
tance of biodegradation was indicated by the occurrence of the
intermediate HHCB-lactone and the changing HHCB-lactone/HHCB
ratios over time. Changing water temperature may have an addi-
tional effect on the intensity of biologically and chemically (e.g. hy-
drolysis) mediated processes. Methods that capture snapshots in
time will not account for these observed process dynamics. Such
approaches are likely applied during the daytime and may miss re-
duced reaction rates during nighttime and, therefore, over-estimate
transformation.
The method presented might be applied to comparative studies in
rivers with contrasting characteristics (morphology, geochemistry) for
the purpose of resolving the factors governing different transformation
and elimination processes. Here, the creation of an extensive data base,
covering diverse environmental conditions, could be a promising option
to gain a better understanding of the transformation of micropollutants
in rivers. This is of great importance as so far, many available studies
which rely on less accurate quantiﬁcation methods lead to ambiguous
results. Moreover, the approachmay be further developed in the future,
e.g. by using more than two control cross-sections or by applying
suitable tracer substances indicative of speciﬁc processes in order to
improve the spatial and temporal resolution and to better distinguish
different mechanisms and their rates. Finally, the role of sorption to
the bed substrate and particle-facilitated transportmay be an important
area of further research.Acknowledgments
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